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correlated with the pseudo-second-order kinetic equa-
tion; Langmuir and Freundlich isotherm models sug-
gested monolayer sorption of Cu(II), Pb(II), and As(V) 
onto the BC surface and the interaction of Sb(V) with 
BC sites characterized by distinct sorption energy (i.e., 
multilayer sorption). Scanning electron microscopy 
(SEM) with energy-dispersive X-ray (EDX) analysis of 
PTE-saturated BC showed that Pb(II) was mainly asso-
ciated with O, Sb(V) with Ca and Fe, while Cu(II) and 
As(V) with Fe and O. This suggested that hydroxyl and 
carboxyl functional groups, amorphous Fe oxy-hydrox-
ides, as well as PTE precipitation with BC components 
were likely responsible for BC sorption capacity. Treat-
ment of PTE-saturated BC with Ca(NO3)2 and a range 
of environmentally relevant organic acids indicated that 
6–11% of PTE were loosely bound and easily exchange-
able, while up to 60% could be mobilized by the organic 
acids. Hydroponic plant-growth experiments using triti-
cale plants showed that BC stimulated plant growth in 
the presence of PTE and reduced their phytotoxicity.

Keywords  Biochar · PTE · Sorption isotherms · 
PTE release · SEM–EDX analysis · Phytotoxicity

1  Introduction

Soil pollution by potentially toxic elements (PTE) due 
to anthropogenic (e.g., industrial, mining, and agri-
cultural) activities is a worldwide concern because of 
their toxicity, persistence, and accumulation (Wang 

Abstract  In this study, the effectiveness of softwood-
derived biochar (BC) in the retention of potentially 
toxic elements (PTE, i.e., Cu(II), Pb(II), As(V), and 
Sb(V)) was evaluated at different pH values (4.5, 6.0, 
and 7.0), along with its capacity to alleviate PTE phy-
totoxicity. At all pH values, sorption and kinetic iso-
therms followed the trend: Pb(II) (e.g., ~ 0.56 mmol g−1 
at pH 6.0) > Cu(II) (e.g., ~ 0.33  mmol  g−1 at pH 
6.0) > As(V) (e.g., ~ 0.29  mmol  g−1 at pH 6.0) > Sb(V) 
(e.g. ~ 0.24 mmol  g−1 at pH 6.0). Kinetic data strongly 
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et  al., 2019). Potentially toxic elements, defined by 
the United States Environmental Protection Agency 
(USEPA) and the European Union as priority pollut-
ants, can affect both soil physico-chemical proper-
ties and biochemical functioning (e.g., Castaldi et al., 
2009). Moreover, they can have negative effects on 
plant growth and can be transferred into the human 
food chain, causing remarkable health risks (Anto-
niadis, Golia, et  al., 2019). Some PTE, e.g., metal 
cations such as Cd and Pb, and oxyanionic metalloids 
such as As and Sb, can have remarkable toxic effects 
in the soil environment even when they are present in 
limited amounts (Antoniadis, Shaheen, et al., 2019).

Furthermore, although some PTE are considered 
essential (micro)nutrients for plants (e.g., Cu and 
Zn) and play a significant physiological role in plant 
metabolism, they can become toxic when certain 
thresholds are exceeded (Dal Corso, 2012).

In order to reduce the mobility and bioavailability 
of PTE in contaminated soils, or other environmental 
media, which is a primary aim of any environmentally 
friendly remediation interventions, appropriate solu-
tions must be taken. Among the latter, isolation and 
containment, phytoremediation, and in  situ chemical 
treatment are probably the most widely used (Palan-
sooriya et al., 2020). In situ chemical immobilization 
of PTE using organic amendments constitutes an envi-
ronmental-friendly approach which attracted particu-
lar attention in the last 25 years (Garau G. et al., 2021). 
In particular, soil treatment with biochar (BC) repre-
sents a green, sustainable, and climate-friendly prom-
ising remediation strategy for PTE-contaminated soils 
(Maiti & Ghosh, 2021). Biochar, a carbon-rich by-
product obtained from the pyrolysis of different bio-
masses at high temperatures (e.g., 300–800 ℃) under 
the condition of limited oxygen, is rich in hydroxyl, 
ester, nitro, carboxyl, and carbonyl functional groups 
(Sohi et  al., 2010) and is characterized by high pH, 
cation exchange capacity (CEC), and specific surface 
area (Mukome et  al., 2013). Due to these features, 
BC could effectively stabilize (i.e., immobilize) PTE 
through precipitation, inner-sphere complexation, and 
ion exchange processes (Bandara et al., 2020), thereby 
reducing PTE bioavailability and uptake by plants, as 
well as the risk of their spread into the environment. 
Furthermore, BC addition to soil often increases the 
pH as well as P, Ca, and Mg availability and limits 
soil nutrient leaching, thus favoring plant growth in 
PTE-polluted areas (Garau G. et  al., 2021; Manzano 

et al., 2020). However, BC immobilization efficiency 
is highly dependent on its physico-chemical properties 
(Assa Alber et al., 2021), which in turn are related to 
the type of biomasses used, their moisture and min-
eral content, and the process parameters applied, such 
as temperature, heating time, and oxygen availability 
(Evangelou et al., 2015; Pinna et al., 2020). The bio-
mass properties mostly affect BC’s total organic car-
bon and its mineral content, whereas BC surface area, 
porosity, pH, and recalcitrant carbon content are pri-
marily influenced by treatment temperatures (Pinna 
et  al., 2016; Zhao et  al., 2013). For example, soft-
wood-derived BC obtained at high temperature (e.g., 
800 ℃) is commonly characterized by an alkaline pH, 
a porous structure encompassing micro, meso, and 
macro pores (Xu et al., 2017), and low mineral content 
(if compared to manure-derived BC; Manzano et al., 
2020; Xu et al., 2017).

Previous studies on the effectiveness of BC in 
PTE retention highlighted that it also depends on 
the type of PTE. For instance, Namgay et al. (2010) 
observed increased concentrations of extractable As 
and Zn, decreased concentration of extractable Pb, 
and no effect on extractable Cu after the application 
to soil of wood biochar pyrolyzed at 550 ℃. Moreo-
ver, the addition of hardwood-derived biochar to a 
multi-element contaminated soil decreased the mobil-
ity of Zn and Cd, while increasing that of As and 
Cu (Beesley et  al., 2010). Cd and Pb solubility in a 
contaminated paddy field was reduced by the incor-
poration of wheat straw BC (Bian et  al., 2014). Up 
to 175-fold reduction of Cd, Pb, Cu, and Zn in pore 
water of a mine soil treated with BC, produced from 
residues of orchard prunings pyrolyzed at 500 ℃, was 
recorded by Beesley et  al. (2014), which however 
reported an enhanced As mobility most probably due 
to the increased soil pH after BC addition. He et al. 
(2019), investigating the impact of kenaf core and 
sewage sludge BC on PTE immobilization, observed 
that both chars immobilized Pb and Cu, whereas they 
had little effect on Zn, Cd, and As. Finally, upon BC 
application to Pb and As co-contaminated soil, an 
increased As mobility and a significant reduction of 
labile Pb were observed (Abdelhafez et al., 2014).

Importantly, BC effectiveness in the recovery of 
PTE-polluted sites is also related to soil physico-
chemical properties, as well as competitive sorption 
or desorption processes occurring in soil. All these 
latter, by determining PTE distribution between the 
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solid and liquid phase, ultimately regulate their bio-
availability to plants or phytoavailability (Chen et al., 
2018). In addition, the rhizosphere environment can 
have considerable effects on PTE bioavailability 
(Garau G. et  al., 2019a; Garau M. et  al., 2021). In 
particular, low molecular weight organic acids (e.g., 
citric, malic, and oxalic acids), which can be present 
at high concentrations in the rhizosphere (e.g., up 
to 80 mM; Adeleke et al., 2017), could significantly 
interfere with PTE mobility and bioavailability in the 
presence of BC (Adeleke et al., 2017). And the same 
applies to changes in pH due to root activities occur-
ring in soil hotspots (Kuzyakov et al., 2015).

Overall, the heterogeneity and complexity of these 
aspects highlight the need for a deeper understand-
ing of both BC-PTE interactions and the mechanisms 
involved in PTE immobilization/mobilization, as 
well as their possible relevance for plant growth and/
or phytotoxicity. Accordingly, the aims of this study 
were (i) to assess the effectiveness of a softwood-
derived BC in the sorption of selected PTE (i.e., 
Cu(II), Pb(II), As(V), and Sb(V)) from aqueous solu-
tion at different pH values, (ii) to examine the capac-
ity of different organic acids commonly present in the 
rhizosphere (or in soil hotspots) to release the PTE 
adsorbed by BC, and (iii) to evaluate the BC poten-
tials to alleviate PTE phytotoxicity.

2 � Materials and Methods

2.1 � Biochar Origin and Characterization

The studied BC was provided by Ronda SpA (Zanè, 
Italy) and was obtained by slow pyrolysis at 700 ℃ 
of beech, poplar, and elder (soft)wood. The BC pH 
and electric conductivity were measured on 1:5 (w/v) 
solid to water suspension (UNI EN 13,040, 2008). 
Total organic carbon (TOC) and total N were deter-
mined using a CHN analyzer (Leco CHN 628) with 
Oat meal Leco part n° 502–276 as a calibration sam-
ple; dissolved organic carbon (DOC) was determined 
using a 1:10 ratio (w/v) solid to water suspension (Sil-
vetti et  al., 2014). Cation exchange capacity (CEC) 
and the concentration of exchangeable Ca, K, and 
Mg were measured using the BaCl2-triethanolamine 
method (Gazzetta Ufficiale, 1992). Extractable P was 
determined using the Olsen method (Olsen, 1954). 
Total and carboxylic acidity were determined through 

the Ba(OH)2 and Ca(OAc)2 methods, respectively 
(Schnitzer & Gupta, 1965). The quantity of phenolic 
OH was calculated by the difference between total 
acidity and COOH content. Total PTE concentration 
was quantified after BC digestion with HNO3 and HCl 
(ratio 3:1 v/v) in a Microwave Milestone MLS1200 
using a PerkinElmer AAnalyst 400-HGA 900 graphite 
furnace atomic absorption spectrometer (GF-AAS). A 
standard reference material (NIST-SRM 2711a) was 
included for quality assurance and quality control.

2.2 � Preparation of Solutions

All reagents, if not differently specified, were 
obtained from Fluka (Fluka AG, Buchs, Switzer-
land) and solutions prepared by using deionized water 
(Milli-Q water; resistivity ≤ 18 MΩ cm); 2.0  mM 
Pb(NO3)2, Cu(ClO4)2

.6H2O, KSb(OH)6·7H2O, and 
Na2HAsO4·7H2O solutions were employed as Pb(II), 
Cu(II), Sb(V), and As(V) sources, respectively. If 
needed, the pH of the BC/polluting solution sys-
tems was adjusted to 4.5, 6.0, and 7.0 with HClO4 or 
NaOH solutions.

2.3 � Sorption Kinetics of Pb(II), Cu(II), Sb(V), and 
As(V) by BC at Different pH Values

Sorption kinetics of Pb(II), Cu(II), Sb(V), and As(V) 
by BC at different pH values [i.e., 4.5 and 6.0 for Pb(II) 
and Cu(II), 4.5, 6.0, and 7.0 for Sb(V) and As(V)] 
were carried out by adding, to 0.1 g of BC, 100 mL of 
2.0 mM PTE solutions brought to pH 4.5, 6.0, or 7.0. 
At pH 7.0 and at the concentration of Pb and Cu tested 
(i.e., 2  mM), the species PbOH+ and Pb(OH)2

− and 
CuOH+ and Cu(OH)2 become dominant, resulting in 
the formation of Pb(II) and Cu(II) precipitates (Ford 
et al., 2007). For this reason, sorption kinetics of Pb(II) 
and Cu(II) by BC were performed at pH values of 4.5 
and 6.0. The final mixtures were shaken at constant 
temperature (20 ± 1 ℃) for different times, i.e., 5 min, 
10  min, 15  min, 30  min, 60  min, 120  min, 180  min, 
360 min, 480 min (Fig. 1). At each time point, the sam-
ples were allowed to settle and filtered using 0.2  μm 
syringe filters. Supernatant aliquots were taken, and 
PTE in solution were quantified using a PerkinElmer 
AAnalyst 400-HGA 900 GF-AAS. Sorption kinetics 
were replicated in triplicate, and mean values ± stand-
ard deviations were reported. Kinetic datasets were 
processed using the following linearized equations 
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describing pseudo-first-order (PFO), pseudo-second-
order (PSO), and Elovich kinetic models:

where qe is the amount of solute sorbed at equilib-
rium (mmol·g−1), qt is the amount of solute sorbed at 
any time t (mmol·g−1), and k is the rate constant of 
PFO (1·min−1) and PSO sorption (mg·mmol −1 min−1, 
respectively).

where qt is the amount of solute sorbed at any 
time t (mg·g−1), a is the initial solute sorption rate 
(mg·g−1·min−1), and b is the Elovich constant (g·mg−1). 
The coefficient of correlation (R2) was used to estimate 
the fitness of experimental data to each model.

2.4 � Sorption Isotherms of Pb(II), Cu(II), Sb(V), and 
As(V) on BC at Different pH Values

Biochar samples (0.1 g) were artificially and separately 
enriched with solutions (100 mL) containing increas-
ing concentrations of Pb(II), Cu(II), Sb(V), and As(V) 
[brought to pH 4.5 and 6.0 for Pb(II) and Cu(II) and 

(1)log(qe − qt) = logqe − (
k

2.303
)t (PFO)

(2)1

qe−qt
=

1

qe
+ kt (PSO)

(3)qt =
(

1

b

)

ln(ab) + (
1

b
)lnt (Elovich)

4.5, 6.0, and 7.0 for As(V) and Sb(V)] to obtain sorp-
tion isotherms at different pH values. Nine different 
concentrations of Pb(II), Cu(II), As(V), and Sb(V), 
varying from 0.0 to 2.0 mM, were used to obtain the 
sorption isotherms (Fig. 2). The mixtures were shaken 
for 24  h at a constant temperature (20 ± 1 ℃). After-
ward, the samples were allowed to settle and filtered, 
as previously mentioned. The PTE concentrations in 
the supernatant were determined as described above.

The sorption data were fitted to Langmuir and 
Freundlich models, and the corresponding relevant 
parameters were determined, i.e., b and K (Lang-
muir) and KF and 1/n (Freundlich). The Langmuir 
equation, which is based on the assumption that the 
sorbent surface has a definite number of energeti-
cally equivalent sorption sites at which one chemical 
species may be adsorbed, is described by Eq. (4):

where x/m is the sorbate amount adsorbed at equilib-
rium (mg·g−1), b is the maximum monolayer cover-
age capacity of the sorbent (mg·g−1), K (dm3 mg−1) 
is a constant related to the energy of sorption which 
quantitatively reflects the affinity between the sorbent 
and the sorbate, and C is the concentration of sorbate 
in the supernatant at equilibrium (mg L−1).

The Freundlich equation is the most widely 
applied nonlinear sorption model and assumes that 

(4)x

m
=

KbC

1+KC
(Langmuir)

Fig. 1   Sorption kinetics of 
PTE by BC at different pH 
values
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sorption can occur at energetically different hetero-
geneous surface sites. The Freundlich equation is 
depicted in Eq. (5):

where KF and n are the Freundlich equilibrium con-
stant and exponent, respectively, which quantify sorbate 
uptake capacity (KF) and intensity (n). The coefficient of 
correlation (R2) was used to estimate the fitness of exper-
imental data to the Langmuir and Freundlich models.

2.5 � FT‑IR Spectroscopy

Biochar FT-IR spectra (transmittance vs. wavenumber ν 
in the 370–4000 cm−1) were collected in ATR mode using 
a Bruker Alpha Platinum-ATR interferometer (4  cm−1 
resolution), as described in Piga et al. (2016). Each spec-
trum was obtained by averaging 256 interferograms.

2.6 � Scanning Electron Microscopy and 
Energy‑dispersive X‑ray Spectroscopy Analysis

Scanning electron microscopy (SEM) and energy-
dispersive X-ray spectroscopy (EDX) analyses of 

(5)

x

m
= KFC

1∕n (Freundlich)

untreated BC and BC doped with PTE [i.e., saturated 
with 2.0 mM Cu(II), Pb(II), Sb(V), and As(V) solu-
tions] at pH 4.5, 6.0, and 7.0 were carried out using 
an environmental scanning electron microscope 
ESEM-Zeiss EVO LS10 (Oberkochen-Germany). 
Biochar-PTE samples were observed with the back-
scattered electron detector (BSD) and chemically ana-
lyzed with a microanalysis X-ray energy-dispersive 
device (EDS) INCAx-ACT (Oxford Instruments). 
The whole process occurred at low vacuum mode and 
a pressure of 10 Pa.

2.7 � Influence of Organic and Inorganic Anions on 
PTE Release by BC at Different pH Values

Potentially toxic elements-saturated BC at pH 
4.5, 6.0, and 7.0 (i.e., those deriving from the last 
point of the sorption isotherms) were washed with 
distilled water and dipped into 100  mL of the fol-
lowing solutions (8  mM concentration) previously 
brought at the same pH of the respective BC-PTE 
systems: Ca(NO3)2, EDTA, and malic (MA), citric 
(CA), and oxalic (OA) acids. The solutions in con-
tact with BC-PTE systems were shaken for 24 h at a 
constant temperature (20 ± 1 ℃), and then they were 
allowed to settle and filtered with 0.2-μm syringe 
filters. Potentially toxic elements in the solution 

Fig. 2   Sorption isotherms 
of PTE by BC at different 
pH values
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were quantified, as previously mentioned. At each 
pH value, mean concentrations of PTE released by 
the different treatments were analyzed by one-way 
analysis of variance (one-way ANOVA). When sig-
nificant P-values were obtained (i.e., P < 0.05), dif-
ferences between means were investigated using 
the post-hoc Fisher’s least significant difference 
test (P < 0.05). Statistical analyses were carried out 
using the NCSS 2007 Data Analysis software (v. 
07.1.21; Kaysville, Utah).

2.8 � Influence of BC on PTE Phytotoxicity at 
Different pH Values

The influence of BC on PTE phytotoxicity was 
evaluated using triticale plants (× Triticosecale 
Wittm. cv. Universal) grown in polypropylene 
containers filled with aqueous solutions contain-
ing different PTE concentrations with or with-
out BC as previously described (Garau G. et  al., 
2015). In particular, plant growth was assessed 
in aqueous systems (150  mL) brought at pH 4.5, 
6.0, and 7.0 containing (i) 100  mg BC [BC]; (ii) 
20 mM [PTE(1)], 100 mM [PTE(2)], and 200 mM 
[PTE(3)] PTE solutions; and (iii) BC + PTE(1) 
[PTE(1)-BC], BC + PTE(2) [PTE(2)-BC], and 
BC + PTE(3) [PTE(3)-BC]. Triticale seeds were 
germinated in the dark at 24 ℃ in cylindrical poly-
styrene containers (15 seeds per container) cov-
ered by a stainless-steel net and filled to the rim 
with 150  mL of 1  mM CaCl2 solution. Five days 
after germination, germinated seeds were trans-
ferred (with the stainless-steel net) to the above-
mentioned aqueous systems where triticale seed-
lings were grown under natural light for 7  days. 
At harvest, root and shoot length were measured, 
dried at 60 ℃ for 2 days, and then weighted. Dur-
ing the experiments, the containers were cov-
ered with foil to avoid root contact with light and 
photo-chemical reactions. Plant measurement data 
are presented as mean values ± standard errors.

The BC influence on the shoot and root growth 
in the presence of PTE was investigated by one-
way ANOVA, and where significant P-values were 
obtained (P < 0.05), differences between individual 
means were compared using the post-hoc Fisher’s 
least significance difference test (LSD, P < 0.05). Sta-
tistical analyses were carried out using the NCSS 2007 
Data Analysis software (v. 07.1.21; Kaysville, Utah).

3 � Results and Discussion

3.1 � BC Chemical Properties

Biochar efficiency in the mitigation of environmen-
tal pollution due to PTE is primarily affected by its 
physico-chemical properties other than PTE type and 
pH of the medium, which influences both the surface 
charge of the adsorbent (i.e., BC) and PTE speciation.

The BC used in this study (Table  1) was charac-
terized by a very alkaline pH (i.e., 9.3) and a total 
carbon content of ~ 61%, in line with values reported 
in the literature for chars obtained from softwood 
pyrolysis (Mukome et al., 2013). The low H/C molar 
ratio value (0.1) was indicative of high stability and 
aromaticity, as well as the presence of graphite-like 
structures (Stella Mary et  al., 2016). This was con-
firmed by the FT-IR peak at ~ 1400 cm−1 assigned to 
C = C stretching within the aromatic ring (Fig. 3). The 
studied BC contained high concentrations of extract-
able P and exchangeable Ca, while PTE concentra-
tion was under the detection limit, except for Cu and 
Mn, whose concentration was, however, below the 
threshold limits imposed by the Italian legislation for 
amendments and fertilizers (MIPAAF, 2015). The 
substantial presence of phenolic groups (carboxylic 
ones were very limited; Table  1) can be deemed as 
promising for the fixation of cationic PTE as well as 
the complexation of anionic PTE. However, espe-
cially in the latter case, this should be experimentally 
tested and quantified since the loss of oxygenated 
functional groups which occurs at high pyrolysis tem-
perature (i.e., our case) could significantly reduce BC 
sorption of anionic PTE such as As.

3.2 � Sorption Kinetics of Pb(II), Cu(II), Sb(V), and 
As(V) by BC at Different pH Values

The kinetic isotherms of the different PTE, at differ-
ent pH values, are presented in Fig.  1. The kinetic 
curves, which were clearly biphasic, showed fast ini-
tial sorption in the first 60 min, followed by a slower 
step, and the attainment of equilibrium after 120 min. 
The sorption of Pb(II) and Cu(II) was higher and 
faster at pH 6.0 than at pH 4.5 (indeed, after the first 
hour, more than 96% and 91% of Pb(II) and Cu(II) 
were adsorbed at pH 6.0, while ~ 90% was adsorbed 
at pH 4.5). Conversely, Sb(V) and As(V) sorption 
progressively reduced as the pH increased, i.e., by 
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28% and 18%, respectively, after the first hour when 
the pH changed from 4.5 to 7.0. The fast initial step, 
which concerned all PTE, was probably governed by 
a coulombic attraction between PTE ions in solution 
and charged functional groups on the BC surface, 
while the slower step was likely governed by chem-
isorption and/or precipitation reactions. In the case of 
cationic PTE, also cation-π interactions involving BC 
aromatic structures could have contributed to the fast 
initial step, while PTE intraparticle diffusion within 
BC meso and micropores could have contributed to 
the slower sorption kinetic step recorded for both cat-
ionic and anionic PTE.

Biochar-charged functional groups likely had 
a major role in PTE sorption, as highlighted by the 
different sorption behaviors of cationic and anionic 
PTE when varying the pH. In particular, the point of 
zero charge (pHPZC) of BC is equal to 5.0, and at pH 
4.5 (i.e., pH < pHPZC), its surface should have a net 
positive charge which facilitates the sorption of nega-
tively charged arsenate and antimonate anions [i.e., 
H2AsO4

− and Sb(OH)6
−], while an opposite trend 

should occur for Pb(II) and Cu(II) cations. When 
the pH rises above the pHPZC (i.e., pH 6.0 and 7.0), 
the BC surface becomes predominantly negatively 
charged and oxyanions sorption is affected by Cou-
lombic repulsion and competition with OH− ions and 
other (inorganic and/or organic) anions for the same 
BC sorption sites. On the contrary, in these condi-
tions (i.e., at increasing pH values), surface sorption 
of cationic PTE such as Pb(II) and Cu(II) is greatly 
facilitated.

Different kinetic models were used in this study 
to describe the sorption of PTE by a solid adsorbent, 
i.e., the pseudo-first-order, pseudo-second-order, 
and Elovich kinetic models. The pseudo-second-
order model better described the experimental data 
(R2 ranging from 0.999 to 1.000, Table 2) for all the 
PTE analyzed, suggesting chemisorption as the rate-
limiting step of the sorption process (Robati, 2013). 
According to Ho and McKay (2000), the chemisorp-
tion of cationic PTE probably involved the sharing or 
exchange of electrons between BC functional groups 
(e.g., phenolate, carboxylate) and divalent metal cati-
ons, as well as inner-sphere complexation between 
anionic PTE and bonding groups on BC surfaces 
(e.g., hydroxyl, carboxyl, and C-O ester of alcohols).

Based on the results of the kinetic isotherms 
and data fitting to kinetic models, the following 

Table 1   Selected BC chemical properties

d.wt., dry weight; n.d., under detection limit (i.e., < 0.2 μg·L−1)
Values represent mean ± SE (n = 3)

Chemical analyses

pH 9.30 ± 0.01
pHPZC 5.0 ± 0.01
EC (μS·cm−1) 9.91 ± 2.79
Ash (%) 2.44 ± 0.10
Cation exchange capacity (CEC, cmol(+) kg−1) 18.81 ± 0.30
Total organic carbon (%) 61.32 ± 0.06
Total nitrogen (%) 0.30 ± 0.02
Total carbonate (%) 1.52 ± 0.02
Water dissolved organic carbon (DOC, 

mg·kg−1)
0.020 ± 0.003

Extractable P (mg·kg−1) 84.52 ± 3.01
Exchangeable K (cmol(+) kg−1) 0.62 ± 0.02
Exchangeable Ca (cmol(+) kg−1) 45.08 ± 0.95
Exchangeable Mg (cmol(+) kg−1) 3.28 ± 0.03
COOH groups (meq·g−1) 0.14 ± 0.02
Phenolic groups (meq·g−1) 2.10 ± 0.32
Totale Fe (mg·kg−1) 524.8 ± 12.7
Total PTEs concentration (mg·kg−1)
Sb n.d
As n.d
Cd n.d
Mn 358.1 ± 5.1
Pb n.d
Cu 207.1 ± 2.9
Zn n.d

BC pH 4.0

BC-Pb pH 4.0

BC-Cu pH 4.0

BC-As pH 4.0

BC-Sb pH 4.0

Fig. 3   FT-IR spectra of BC before and after PTE sorption at 
pH 4.0
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hypotheses can be done to explain the mechanisms 
underpinning Pb(II) and Cu(II) sorption by BC: (i) 
electrostatic outer sphere (non-specific) complexa-
tion due to metal exchange with Ca2+, K+, and Na+ 
present in BC (this is expected to govern the first 
phase of the kinetic curve); (ii) inner-sphere (spe-
cific) complexation (or chemisorption), as well as 
intraparticle diffusion and/or Pb(II) and Cu(II) pre-
cipitation with some BC inorganic components, e.g., 
oxy-hydroxides, carbonates, and phosphates, to form 
insoluble compounds (these processes are expected to 
govern the second step of the kinetic curve). Similar 
hypotheses can be done to explain the mechanisms 
of As(V) and Sb(V) sorption by BC: (i) non-specific 
Sb(V)/As(V) binding to anion-exchange sites on BC 
surfaces (e.g., protonated amino groups), or to (coor-
dinating) metal cations within BC [e.g., Mg(II) and 
Ca(II)] where such metals act as bridging elements 
between Sb(V) or As(V) and other negatively charged 
functional groups within BC surfaces (e.g., carboxylic 
and phenolic groups) (this is expected to govern the 
first phase of the kinetic curve); (ii) inner-sphere (spe-
cific) complexation (or chemisorption) of Sb(V) and 
As(V) with Fe-(hydr)oxides physically and/or chemi-
cally bound to the organic BC components (Table 1), 

intraparticle diffusion and/or Sb(V) and As(V) pre-
cipitation with some BC inorganic components, e.g., 
Ca(II) which was abundantly present in BC, to form 
insoluble compounds (these processes are expected to 
govern the second step of the kinetic curve).

3.3 � Sorption Isotherms of Pb(II), Cu(II), Sb(V), and 
As(V) on BC at Different pH Values

To further investigate the sorption mechanisms and 
interaction types between BC and PTE, sorption iso-
therms were obtained at pH 4.5 and 6.0 for Pb(II) 
and Cu(II), and also at pH 7.0 for As(V) and Sb(V) 
(Fig.  2). The BC sorption capacities, determined on 
the basis of the maximal experimental amount of 
PTE sorbed at equilibrium, were 0.30 mmol  g−1 BC 
and 0.40 mmol g−1 BC for Cu(II) and 0.45 mmol g−1 
BC and 0.55 mmol  g−1 BC for Pb(II) at pH 4.5 and 
6.0, respectively. The observed increase in Cu(II) and 
Pb(II) sorption at the higher pH is due to a decreased 
competition between protons and metal cations for the 
same BC functional groups and to a reduction of pos-
itively charged sites on the BC surface (pHPZC = 5.0) 
which lowered the electrostatic repulsion between BC 
and Cu(II) and Pb(II). The higher sorption capacity 

Table 2   Kinetic model parameters for the metal adsorption on BC at different pH values

qe and qt (mmol g−1) are the adsorption capacities at equilibrium and time t (min), respectively; k (mmol g−1 min−1) is the rate con-
stant; a is the initial adsorption rate (mmol g−1 min−1), and b is related to the extent of surface coverage and the activation energy 
involved in chemisorption (g mg−1)

Pseudo-first-order equation Pseudo-second-order equation Elovich equation

log(qe − qt) = logqe −
(

k

2.303

)

t
1

qe−qt
=

1

qe
+ kt qt =

(

1

b

)

ln(ab) + (
1

b
)lnt

k R2 k R2 a b R2

pH 4.5
Cu(II) 6.91.10−4 0.398 0.775 1.000 11.932 16.722 0.875
Pb(II) 6.91.10−4 0.456 0.390 0.999 42.985 10.881 0.907
Sb(V) 9.21.10−4 0.332 0.873 0.999 2.855 15.221 0.814
As(V) 1.38.10−3 0.482 0.298 0.999 0.533 9.497 0.945
pH 6.0
Cu(II) 6.91.10−4 0.427 0.506 0.999 13.742 13.550 0.882
Pb(II) 4.61.10−4 0.188 0.925 0.999 5.2.104 14.771 0.532
Sb(V) 9.21.10−4 0.362 0.957 0.999 5.017 17.889 0.845
As(V) 1.38.10−3 0.565 0.315 0.999 0.580 10.846 0.937
pH 7.0
Sb(V) 9.21.10−4 0.431 0.518 0.999 1.670 19.378 0.894
As(V) 1.61.10−3 0.515 0.301 0.999 0.306 10.707 0.945
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for Pb(II) could be attributed to its higher electron-
egativity constant compared to Cu(II) (2.33 vs. 1.90). 
This commonly results in a higher tendency of Pb(II) 
for specific sorption by the BC surface functional 
groups (e.g., –COOH and –OH) (Uchimiya et  al., 
2011). Sorption capacities of 0.26  mmol  g−1 BC, 
0.24  mmol  g−1 BC, 0.19  mmol  g−1 BC, and 0.33, 
0.31, 0.28 mmol  g−1 BC were determined for Sb(V) 
and As(V) at pH 4.5, 6.0, and 7.0, respectively. Given 
the substantial Fe content of BC (Table 1), Fe-(hydr)
oxides were likely responsible for anion sorption (e.g., 
through specific and non-specific sorption processes), 
as previously pointed out (Agrafioti et al., 2014). The 
sorption of such anionic species decreased as the 
pH value raised from 4.5 to 7.0, and the maximum 
amount of Sb(V) sorbed by BC at pH 4.5 was about 
1.4 times than that sorbed at pH 7.0. The influence 
of pH was less pronounced for As(V), for which the 
maximum amount sorbed at lower pH was about 1.2 
times higher than that sorbed at pH 7.0. Moreover, a 
lower affinity of biochar for antimonate was detected 
compared to arsenate (Fig.  2). These results agree 
with Zhang et  al. (2016), which observed a limited 
pH impact on As(V) sorption by a BC from hyacinth 
(up to pH values ~ 10), and higher sorption of As(V) 
compared to Sb(V). This was likely due to the fact 
that, at higher pH values, As(V) sorption (much more 
than Sb(V)) was mainly governed by chemical pro-
cesses (i.e., formation of monodentate, mononuclear, 

and binuclear complexes with Fe–(hydr)oxides 
within BC). As previously highlighted, in the 6.0–7.0 
pH range, arsenate anions are partially protonated, 
i.e., they retain one or two neutral hydroxyl groups 
(pKa2 = 6.96 and pKa3 = 11.49 for H3AsO4) that can 
be involved in the protonation of surface Fe–OH 
groups within BC facilitating ligand exchange reac-
tions (Garau G. et al., 2019b). This is not possible for 
Sb(V), whose stable form at pH > 4 is the antimonate 
ion Sb(OH)6

¯, i.e., no deprotonation is expected.
The PTE sorption data were analyzed using the Lang-

muir and Freundlich isotherm models (Table  3). The 
sorption data for Cu(II), Pb(II), and As(V) at pH 4.5 and 
6.0 fitted with the Langmuir sorption model, suggesting 
PTE monolayer sorption onto a BC surface with a finite 
number of identical sites. The correlation coefficient 
values ranged between 0.918 and 1.000, whereas for 
the Freundlich model, they ranged from 0.780 to 0.845. 
On the contrary, the Freundlich model better explained 
Sb(V) sorption at pH 4.5 and 6.0 and As(V) sorption at 
pH 7.0 (Table 3), suggesting that sorption likely occurred 
at energetically different BC surface sites.

Taken together, the results indicate that the PTE 
sorption capacity is pH-dependent and that BC has a 
greater Pb(II) sorption capacity compared to Cu(II), 
Sb(V), and As(V).

Table 3   The Langmuir and Freundlich parameters for the metal adsorption on BC at different pH values

b is the maximum monolayer coverage capacity of the sorbent; K is a constant related to the energy of sorption; KF and n quantify 
sorbate uptake capacity (KF) and intensity (n)

Langmuir parameters Freundlich parameters

b (mmol g−1) K (Lmmol−1) R2 KF (mmol g−1) 1/n R2

pH 4.5
Cu(II) 0.332 6.724 0.995 0.295 0.337 0.780
Pb(II) 0.492 9.647 1.000 0.466 0.309 0.900
Sb(V) 0.485 0.810 0.858 0.219 0.757 0.932
As(V) 0.409 2.894 0.992 0.306 0.476 0.941
pH 6.0
Cu(II) 0.424 12.957 1.000 0.410 0.267 0.861
Pb(II) 0.573 34.767 1.000 0.607 0.222 0.886
Sb(V) 0.461 0.732 0.820 0.197 0.197 0.925
As(V) 0.436 1.864 0.918 0.295 0.616 0.845
pH 7.0
Sb(V) 0.311 1.084 0.929 0.161 0.679 0.927
As(V) 0.696 0.472 0.618 0.229 0.863 0.932



	 Water Air Soil Pollut         (2022) 233:152 

1 3

  152   Page 10 of 17

Vol:. (1234567890)

3.4 � FT‑IR Analysis

In different studies, it was shown that the abundance of 
BC functional groups progressively reduced as pyroly-
sis temperature increased and this is clearly reflected 
by FT-IR spectra which lose complexity, especially 
for BCs obtained at high temperatures (e.g., Janu 
et al., 2021; Rodríguez-Vila et al., 2018). Apparently, 
this also applied to our case where BC was obtained 
at 700 ℃. In more detail, FT-IR spectra of BC after 
PTE sorption were characterized by few peak shifts 
which however can provide some indications on the 
PTE sorption mechanisms (Fig.  3). In particular, the 
band at ~ 1400 cm−1, which can be ascribed to phenols 
(Silverstein et  al., 1981), clearly increased in inten-
sity for Pb- (especially) and Cu-saturated BC (Fig. 3), 
suggesting a possible interaction of this functional 
group with cationic PTE. Similar findings (and peak 
shifts) were reported by Soria et al. (2020) for differ-
ent plant-derived BCs when saturated with Pb, Cd, 
and Zn. However, this band could also be due to the 
formation of Pb or Cu precipitates on the BC surface, 
such as hydrocerussite Pb3(CO3)2(OH)2 (e.g., Shen 
et al., 2020) or azurite Cu3(CO3)2(OH)2 (e.g., Ippolito 
et  al., 2012), which are characterized by an intense 
peak at ~ 1400 cm−1 due to C–O stretching vibrations 

of CO3
2− anions. No apparent differences were noted 

in this spectral region in untreated BC and in As- and 
Sb-saturated ones (Fig. 3). An intense band centered 
at ~ 700 cm−1 and another one centered at ~ 450 cm−1, 
which could be ascribed to Sb–O stretching vibration 
(Liu et al., 2015), appeared in Sb-saturated BC, pos-
sibly suggesting Sb(V) immobilization by BC in the 
form of solid precipitates, e.g., calcium antimonate 
Ca(Sb(OH)6)2, while no apparent peak shift was 
recorded for As-saturated BC.

3.5 � SEM–EDX Analysis of BC‑PTE Systems

Scanning electron microscopy images at varying 
magnifications (~ 500–5000X) and EDX spectra of 
BC-PTE systems were recorded, and results of BC 
saturated with Pb(II) and Cu(II) at pH 4.5, and Sb(V) 
and As(V) at pH 7.0 are reported in Fig.  4 and in 
Supplementary Figs. S1 and S2, since those relative 
to the other pH values were very similar. With the 
exception of small amounts of Cu (i.e., 0.17%), PTE 
were not present in EDX spectra of untreated BC, 
while they were consistently detected in those related 
to PTE-saturated BCs (Fig. 4 and Supplementary Fig. 
S1). The EDX quantitative analysis thus supported 
PTE sorption by BC and revealed that O was the most 

BC-Pb BC-Cu

BC-Sb BC-As

Fig. 4   SEM images and EDX spectra and elemental composition relative to different spot analyses of PTE-saturated BC. SEM mag-
nification (× 1000): BC-Pb, 4.25; BC-Cu, 2.41; BC-Sb, 3.78; BC-As, 3.68
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abundant element in BC after C (~ 20% in untreated 
BC; Supplementary Fig. S1). Moreover, Fe, Ca, Mg, 
Cu, and Si were also revealed in limited amounts in 
untreated BC (Supplementary Fig. S1).

Backscattered electron images of BC-Pb and BC-Sb 
systems indicated a diffuse superficial distribution of 
these PTE which were present as bright and discrete 
precipitates (Fig. 4 and Supplementary Fig. S2). More-
over, SEM–EDX spot analysis indicated that Pb(II) 
was mainly associated with O, supporting the view 
that O-containing functional groups have an important 
role in Pb(II) immobilization (Fig. 4; Uchimiya et al., 
2011). In this case, the formation of Pb(OH)2 and/or 
PbO solid phases could be hypothesized as an impor-
tant mechanism of Pb(II) fixation by BC which never-
theless does not exclude the involvement of outer and 
inner-sphere complexation, e.g., by carboxyl and or 
phenolic functional groups. SEM–EDX spot analysis 
also indicated that Sb(V) was associated with Ca and 
Fe possibly, suggesting (i) a substantial superficial 
coprecipitation of Sb(V) with Ca(II) and (ii) a more 
limited Sb(V) immobilization (e.g., inner-sphere com-
plexation) by Fe (hydr)oxides within BC. Importantly, 
the energy peak at 3.62 keV (Fig. 4), due to the com-
bination of Sb-Lα (3.605 keV) and Ca-Kα (3.691 V) 
emissions, supported the association of Sb(V) and 
Ca(II) in surface precipitates (Diquattro et al., 2018).

Backscattered electron images suggested a more 
limited presence of Cu(II) and As(V) on the BC sur-
face (Fig. 4 and Supplementary Fig. S2), probably as 
a result of their preferential fixation within BC pores. 
This also suggests a reduced tendency of Cu(II) and 
As(V), compared to Pb(II) and Sb(V), to form insolu-
ble precipitates. SEM–EDX spot analysis showed that 
Cu(II) and As(V) were mainly associated with Fe 
and O (Fig.  4). This supported the view that Cu(II) 
and As(V) sorption by BC mainly occurred through 
the formation of Fe–O–As(Cu) bonds and confirmed 
the high affinity of As(V) for Fe (hydr)oxides (Wil-
son et al., 2010). However, partial Cu(II) precipitation 
as (hydr)oxide could not be ruled out, as well as the 
involvement of BC functional groups in the formation 
of ternary complexes with Ca(II) and As(V).

3.6 � Influence of Organic and Inorganic Anions on 
PTE Release by BC at Different pH Values

In the rhizosphere environment, the mobility and bio-
availability of PTE sorbed by BC can be affected by 

root-induced changes in pH, as well as by the sub-
stantial presence of inorganic ions and low molecular 
weight organic acids (LMWOAs), e.g., citric, malic, 
and oxalic acids. In particular, these latter organic 
acids can form soluble metal–organic complexes with 
Cu(II) and Pb(II) sorbed by BC (Takeda et al., 2009) 
as well as with Ca(II) and Fe(III) possibly involved in 
Sb(V) and As(V) fixation. This can lead to an obvious 
increase in PTE mobility and potential bioavailabil-
ity. Moreover, at pH ≥ 4.5, where citric, malic, and 
oxalic acids are expected to be in anionic form, they 
can compete with Sb(V) and As(V) for the same BC 
sorption sites, thus interfering with possible Sb(V) 
and As(V) sorption by BC.

Therefore, to better investigate such aspects, the ability 
of Ca(NO3)2 and of citric (CA, pKa1 = 3.13, pKa2 = 4.76, 
pKa3 = 6.34), malic (MA, pKa1 = 3.46, pKa2 = 5.10), and 
oxalic (OA, pKa1 = 1.25, pKa2 = 3.81) acids to mobilize the 
PTE sorbed by BC was evaluated at pH 4.5, 6.0, and 7.0. 
Ethylenediaminetetraacetic acid (EDTA), a very efficient 
chelating agent useful to predict potential bioavailability 
(and in risk assessment), was also used for comparison 
(Santos et al., 2010). The results obtained highlighted the 
different capabilities of Ca(NO3)2 and organic anions to 
mobilize PTE adsorbed by BC, being the inorganic salt 
the least effective at all pH values considered (Fig. 5). This 
suggests substantial stability of the interactions between 
BC and PTE. For instance, 12% and 17% of Cu(II) and 
8% and 5% of Pb(II) were mobilized by PTE-saturated BC 
using Ca(NO3)2 at pH 4.5 and 6.0, respectively. This indi-
cates both the shortage of labile and potentially bioavaila-
ble (i.e., exchangeable) Cu(II) and Pb(II) fractions (and the 
limited extent of weak interactions, e.g., π-metals binding) 
and the ability of these PTE to establish strong interactions 
with BC surfaces and/or its mineral components. This 
was also highlighted by the significant amount of Cu(II) 
and Pb(II) mobilized by EDTA and representing the rela-
tively immobile and not readily bioavailable or leachable 
metal fraction (Basta & Gradwohl, 2000), i.e., 28% and 
56% Cu(II) and 40% and 56% Pb(II) at pH 4.5 and 6.0, 
respectively (Fig. 5). Among LMWOAs, OA was the most 
effective in the mobilization of cationic PTE, whereas CA 
and OA significantly affected As(V) and Sb(V) release, 
i.e., more than MA (Fig. 5). Regarding Cu(II) and Pb(II), 
the greater stability of the 5-membered chelate complex 
that forms between the oxalate anion and these PTE (i.e., 
1,4-bidentate chelation) could justify the highest amount 
of metal released after OA addition (47% and 50% at pH 
4.5 and 74% and 56% at pH 6.0, for Cu(II) and Pb(II), 
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respectively) than that mobilized by CA and MA. CA 
mobilized a higher amount of Pb(II) with respect to MA 
(Fig.  5), likely because of the higher stability constants 
of Pb-citrate complexes compared to Pb-malate (Silvetti 
et al., 2017).

Potentially bioavailable Sb(V) and As(V) frac-
tions (i.e., extracted with Ca(NO3)2) were rather lim-
ited at all the pH values tested, being ~ 6% and 10% 
for As(V) and Sb(V), respectively (Fig.  5). As for 
cationic PTE, this indicates stable fixation mecha-
nisms and substantial BC versatility in the reten-
tion of PTE in cationic and anionic form. Sb(V) and 
As(V) amounts released with EDTA solutions were 
more limited compared to Cu(II) and Pb(II), vary-
ing between 22 and 13% for As and 18% and 27% 
for Sb(V) (at pH 4.5 and 7.0, respectively). As a con-
sequence, the majority of Sb(V) and As(V) retained 
by BC was hardly releasable and/or inaccessible and 
this can have obvious positive implications for envi-
ronmental remediation strategies (Abou Jaoude et al., 
2020; Manzano et al., 2020).

In the presence of LMWOAs, the released amounts 
of anionic PTE ranged from 13 to 28% and from 9 to 
19% for Sb(V) and As(V), respectively. CA was the 
most efficient, releasing ~ 13%, 20%, and 28% and the 
19%, 17%, and 10% of total Sb(V) and As(V) sorbed 
at pH 4.5, 6.0, and 7.0, respectively (Fig. 5). The for-
mation of stable CA–Sb(V) complexes involving the 
hydroxyl and carboxyl groups of CA in the formation 

of two Sb–O–C bonds (Tella & Pokrovski, 2012) and 
the citrate-induced mineral dissolution of the Fe-phases 
involved in As(V) retention (Mohapatra et  al., 2005) 
can explain the higher efficiency of citrate with respect 
to the other LMWOAs considered. The results obtained 
also showed that the PTE mobilization by the organic 
anions was pH-dependent, with lower percentages 
of Sb(V) and As(V) released at lower and higher pH, 
respectively. These findings agree with previous stud-
ies which showed higher release of Sb(V) at alkaline or 
neutral pH (e.g., Herath et al., 2017), while the maxi-
mum release of As(V) was observed at pH ~ 5.0–6.0 
(Amarathunga et al., 2019; Mohapatra et al., 2005).

Overall, the results obtained indicated that 
LMWOAs common in soil hotspots and rhizosphere 
can mobilize different amounts of PTE sorbed by BC 
through both the formation of soluble PTE – ligand 
complexes and/or the dissolution of solid phases 
involved in PTE retention.

3.7 � Influence of BC on PTE Phytotoxicity at 
Different pH Values

To assess the effectiveness of BC in alleviating 
Cu(II), Pb(II), Sb(V), and As(V) phytotoxicity, a 
series of experiments were carried out using triti-
cale plants. The phytotoxicity of PTE was evaluated 
on plants grown in aqueous systems, brought at pH 
4.5, 6.0, and 7.0, containing BC, PTE at different 

Fig. 5   PTE released from 
the BC-PTE systems 
after different treatments. 
For each pH value, mean 
values followed by different 
letters denote statistically 
significant differences 
according to Fisher’s LSD 
test (P < 0.05)
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concentrations (i.e., 20 mM, 100 mM, and 200 mM) 
and BC + PTE (20 mM, 100 mM, and 200 mM), and 
it was quantified by recording root and shoot length 
and the respective dry weight. Since the BC impact 
on PTE phytotoxicity was the same across the differ-
ent pH values tested, only data related to plant growth 
at pH 6.0 were reported (Figs. 6 and 7).

Overall, a positive impact of BC on plant growth 
in the presence of PTE was observed. For instance, 
in the BC-Cu system, root length was 2.6-, 3.3-, 
and 3.1-fold higher in BC-Cu(1), BC-Cu(2), and 
BC-Cu(3), respectively, with respect to systems con-
taining only Cu(II), and a similar trend was recorded 
in BC-Pb system (Fig. 6). The presence of BC also 
alleviated Sb(V) phytotoxicity, and this was particu-
larly evident at the highest PTE concentrations (e.g., 
an increase of + 3.85 and 1.7-fold was detected in 
roots and shoots weight of plants grown in Sb(3)-BC 
with respect to Sb(3)). Although less pronounced, the 
effect of BC was similar in reducing As(V) phytotox-
icity (Fig. 7). In particular, an increase of 1.7-, 1.3-, 
1.9-, and 1.5-fold in root and shoot length, and root 
and shoot dry weight, respectively, was observed in 
BC-As(3) systems compared to As(3). Overall, these 
results clearly indicate that the studied BC can alle-
viate PTE phytotoxicity and possibly promote plant 
growth in polluted environments. This is consist-
ent with recent studies by Kamran et al. (2020) and 
Wu et al. (2020) which reported significant biomass 

increases of rapeseed (Brassica napus L.) and Vetive-
ria zizanioides (L.) Nash species grown in Cu(II) and 
Pb(II) polluted soils amended with woodchip and 
Enteromorpha prolifera biochar, respectively. Similar 
findings were also reported by Mohamed et al. (2017) 
which observed reduced phytotoxicity of Pb, Co, and 
Ni toward wheat seedlings when switchgrass biochar 
was added to contaminated sandy soil. Overall, the 
results obtained suggest that the softwood biochar 
used was able to reduce the toxic effects of anionic 
and cationic PTE, probably due to a decrease in their 
labile fractions (readily soluble and/or exchange-
able), thus supporting the chemical data.

4 � Conclusions

The use of biochar in the remediation of PTE-contam-
inated soils, because of the heterogeneity of literature 
data regarding the PTE mobility and bioavailability, 
requires a deeper knowledge of the mechanisms and 
interaction types occurring between the sorbent (bio-
char) and the sorbate (PTE). The results obtained in 
this study provided additional insights as regards this 
issue. Sorption data are strongly correlated with the 
pseudo-second-order kinetic equation and together with 
the Langmuir sorption isotherm (except for Sb(V)), 
suggesting that the PTE sorption by BC is a complex 
phenomenon and probably a combination of different 

Fig. 6   Roots and shoot 
length and weight of 
triticale plants grown 
in different BC-Cu(II)/
Pb(II) systems at pH 6.0. 
For each plant part, mean 
values followed by different 
letters denote statistically 
significant differences 
according to Fisher’s LSD 
test (P < 0.05)
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sorption mechanisms. The BC effectiveness in the PTE 
retention is pH-dependent and proportional to the avail-
able sites on the BC surfaces. Hydroxyl and carboxyl 
functional groups through the formation of inner-sphere 
complexes as well as amorphous Fe oxy-hydroxides 
within the biochar are responsible for BC sorption 
capacity. Due to Pb(II) high electronegativity constant 
as well as to its high affinity for –COOH and –OH func-
tional groups above all (given the high concentration 
found in biochar), BC shows a greater Pb(II) retention 
compared to Cu(II), Sb(V), and As(V). In addition, 
some precipitation of Pb(II) as (hydr)oxide and Sb(V) 
with the calcium present in the biochar could be quanti-
tatively important, as revealed by the SEM–EDX spec-
tra. The sorption capacity of BC decreased the mobil-
ity or potential bioavailability of PTE. However, in the 
rhizosphere, a certain PTE mobilization can occur by 
the formation of soluble metal–ligand complexes with 
the organic anions present there (e.g., oxalate, citrate, 
and malate anions) or the dissolution of the phases 
involved in the retention. Finally, BC, as well as having 
a positive effect on plant growth, was able to effectively 
reduce the toxic effects of all the PTE studied.

The findings obtained can help to better understand 
the effectiveness of biochar in remediation programs 
of PTE-contaminated soils, and they can contribute 
to the knowledge of the mechanisms governing the 
interactions between different PTE (e.g., PTE in cati-
onic and anionic form) and biochar.
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